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A field, laboratory, and modeling study of As in groundwater
discharging to Waquoit Bay, MA, shed light on coupled control
of chemistry and hydrology on reactive transport of As in a
coastal aquifer. Dissolved Fe(II) and As(III) in a reducing
groundwater plume bracketed by an upper and a lower redox
interface are oxidized as water flows toward the bay. This
results in precipitation of Fe(III) oxides, along with oxidation and
adsorption of As to sediment at the redox interfaces where
concentrations of sedimentary HCl-leachable Fe (80-90% Fe(III))
are 734 ( 232 mg kg-1 and sedimentary phosphate-
extractable As (90-100% As(V)) are 316 ( 111 µg kg-1 and
are linearly correlated. Batch adsorption of As(III) onto orange,
brown, and gray sediments follows Langmuir isotherms and
can be fitted by a surface complexation model (SCM) assuming
a diffuse layer for ferrihydrite. The sorption capacity and
distribution coefficient for As increase with decreasing sediment
Fe(II)/Fe. To allow accumulation of the amount of sediment
As, similar hydrogeochemical conditions would have been
operating for thousands of years at Waquoit Bay. The SCM
simulated the observed dissolved As concentration better than
a parametric approach based on Kd. Site-specific isotherms
should be established for Kd- or SCM-based models.

Introduction
To study contaminant transport, reactive transport models
have been developed to couple solute transport in an aquifer
with reactions in aqueous phases and solute-solid sorption
equilibrium (1, 2). The majority of models developed for
regulatory purposes use a single distribution coefficient (Kd)
to describe sorption equilibrium due to ease of incorporation
to transport codes (1). Because a single Kd value usually does
not represent sorption behavior over a wide range of
geochemical conditions, this leads to errors and uncertainties
in the simulation (3) and is sometimes dealt with by adopting

spatially variable Kd values that represent the characteristics
of distinct geochemical zones (1). A Langmuir isotherm with
finite sorption capacity is more appropriate for many
contaminant sorption reactions than the linear isotherm of
the Kd approach because it accounts for the decrease in Kd

value as the adsorbing surface is increasingly occupied by
adsorbed species. Semimechanistic surface complexation
models (SCM) that establish the reaction stoichiometry and
apparent stability constants using site-specific material have
been developed to simulate field observations for zinc (4),
phosphate (5), and oxyanions of molybdenum (6) and
uranium (7, 8) in aquifers. In addition to characterization of
the solute-solid reactions using site-specific materials for
either Kd (1) or SCM (7, 9), the aforementioned studies rely
on an extensive collection of hydrologic parameters and
geochemical data of both solute and solid phases. For
example, the SCM approach has been shown to better capture
the dynamic behavior of uranium than the Kd approach (8).
These studies demonstrate that reactive transport modeling
is challenging but can be accomplished given an appropriate
level of integration of field and laboratory investigations.

Reactive transport modeling has rarely been applied to
the oxyanion of arsenic (As) despite the great interest in
arsenic as a contaminant in sedimentary aquifers. The
interests are 2-fold: (1) its widespread natural occurrence in
reducing groundwater used for drinking in many countries
that threaten the health of hundreds of millions of people
(10) and (2) its ranking as the top contaminant in aquifers
on the EPA National Priority List. In an effort to understand
the potential for As impacts on subsurface water supplies
from gold mining-related activities at Carlin, NV, a reactive
transport model with a variably saturated reactive transport
code (UNSATCHEM) was developed to simulate As transport
using empirically determined pH-dependent isotherms to
describe As sorption (11). A 1-dimensional reactive transport
model using PHREEQC was constructed to determine the
geochemical processes controlling As transport vertically in
the Red River floodplain, Vietnam (12). To date, coupled
chemical and hydrological processes regulating reactive
transport of As in sedimentary aquifers remains largely
unexplored.

To illustrate the coupled role of hydrology and chemistry
in regulating groundwater As transport, parametric Kd- and
SCM-based reactive transport models were constructed for
a coastal aquifer at Waquoit Bay, MA. This approach allows
us to take advantage of the carefully documented hydrological
parameters (13, 14) and the wide range of chemical param-
eters established for the site (15) and built upon with this
study. The objectives of the study are to determine what
geochemical parameters are critical for reactive transport
modeling of As and to evaluate the performance of SCM vs
Kd in simulating the observed groundwater As distribution.
The recent development of PHT3D (2), which couples
transport simulator MODFLOW/MT3DMS with geochemical
code PHREEQC, makes this exercise feasible. The redox
condition spans from anoxic to oxic in the aquifer. This redox
gradient has been shown to regulate As mobility (16). Pore
water and sediment core samples taken along a transect
perpendicular to the shore were used for chemical charac-
terization of solute and solid. Sorption experiments of As(III)
were conducted with three sediment samples that captured
the range of sedimentary Fe(II)/Fe. SCM modeling of the
sorption experiments was performed with consideration
given to the surface site densities of the sediment and
oxidation of As(III). Finally, a multicomponent reactive
transport model (PHT3D) compared a parametric Kd ap-
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proach with a SCM-based approach in simulation of ground-
water As distribution.

Methods
Study Site. The Cape Cod aquifer is unconfined and
∼100-120 m thick with an upper permeable layer of 11 m
thickness (17). The fresh groundwater in the upper permeable
layer discharging to Waquoit Bay is the focus for investigation
of As transport.

Sampling and Analysis. Between June 18th and 20th, 2007,
three pore water (or groundwater) profiles up to 8 m deep
along a 12 m transect perpendicular to the shore were
collected at Waquoit Bay (Figure S1, Supporting Information).
Sampling and analysis methods are described in the Sup-
porting Information. The in-line filtered pore water samples
were assayed for dissolved Fe(II) and As(III) immediately on
site and for total dissolved As and Fe at Lamont-Doherty
(Table S1, Supporting Information). Three sediment cores
spanning 2-4 m depth were obtained along the same transect
perpendicular to the shore at PZ7, PZ6, and PZ3 also in June
2007, with samples stored within a nitrogen atmosphere to
allow for the determination of HCl-leachable sediment Fe(II)
and Fe within hours of sample collection. Another aliquot
was extracted using an anaerobic phosphate solution to
determine sorbed As(III) and As (Table S2, Supporting
Information). Sediment core penetrating to 6 m at PZ11 was
collected in June 2006, and HCl-leachable Fe and phosphate-
extractable As were obtained on samples stored wet and cold
after 4 months of sample collection. All HCl leachates were
also analyzed for As.

Batch Adsorption Experiment. To establish sorption
isotherms for As(III), three sediment samples at ∼1 m depth
from PZ7, PZ6, and PZ3 that captured the range of redox
conditions indicated by HCl-leachable sedimentary Fe(II)/
Fe ratios were selected for the batch adsorption experiment
(Table 1). Arsenite was added to serum vials containing 10 g
of sediment and topped off with N2-purged nanopure water
to result in an initial solute As(III) concentration ranging
from 0 to 2.5 mg L-1 (Table S3, Supporting Information). The
vials were immediately crimp sealed and kept in an ultrapure
N2-filled anaerobic chamber until the end of each time point
when the contents were filtered (0.45 µm) after 1 week and
again after 2 weeks of equilibration time. The concentrations
of As(III) and As in the supernatant and sorbed on the
sediment were quantified.

Geochemical Modeling of Sorption Isotherms. Experi-
mental data were first fitted to Langmuir isotherms to
determine sorption capacity (Smax) and KLa, a constant
representing the binding strength, and then the Kd values at
equilibrium with 10 µg L-1 As were estimated from the
isotherm fitted to batch sorption data.

A semimechanistic SCM of experimental data used the same
acidity constants and equilibrium constants (K) as in a diffuse
layer surface complexation model of ferrihydrite (18, 19). The
surface site density of each sediment used in the sorption
experiment was estimated first and then specified as 0.44,
2.0, and 4.9 µM g-1 in PHREEQC (version 2.15 with MINTEQA2
version 4.0 database) (19, 20). The solute consisted of Na+

and Cl- of 1 mmol L-1 and As(III) or As(V) of 750-6000 µg
L-1. The best fit of the data was achieved by adjusting the
proportion of As(III) and As(V) when the solute was equili-
brated with sediment at pH 7.

Reactive Multicomponent Transport Modeling. A 2D
reactive transport of As in the discharging fresh groundwater
of the upper aquifer was simulated coupling MODFLOW 2005
and PHT3D (version 2.0). The grid spacing for the x and z
direction was 0.5 and 0.2 m, respectively, corresponding to
∼3% of the model length of 14 and 6 m, respectively. The
simulation time was 40,000 days (∼110 years) with 6400
reaction steps. The grid spacing and simulation time step
were proven to be sufficient through sensitivity tests.
Horizontal and vertical hydraulic conductivities were al-
located to be 8.64 and 0.864 m d-1, respectively (13). The
hydraulic gradient was set to 0.009, corresponding to a
groundwater advection flow rate of 0.08 m d-1 or 29 m y-1

(14). Simulated Fe oxide and dissolved As at steady state
were insensitive to variation of hydraulic gradient from 0.004
to 0.020. Longitudinal and vertical dispersivities were set to
1 and 0.01 m, respectively (21). Constant head boundary for
the upland side and river boundary for the Waquoit Bay side
were selected, while all other sides were defined as no flow
boundary. In our modeling, density-dependent flow is not
taken into account because the nearshore circulation of
seawater seems to be of minor importance at Waquoit Bay,
and our simulated upward advection of fresh groundwater
plume does not significantly differ from the simulation result
incorporating a density-dependent flow code (22).

The geochemical gradient of the aquifer is represented
by three vertical layers and four horizontal zones. The top
(0-2 m) and bottom (4-6 m) layers are oxic with dissolved
oxygen of 3 mg L-1 without dissolved Fe and As representing
upland groundwater entering the aquifer. They are assigned
a surface site density of 2 µM g-1 for the SCM and Kd of 60
L kg-1. The middle layer (2-4 m) has four horizontal redox
zones downgradient to capture the redox transition from
reducing to oxic toward the bay, with increasing surface site
density from 1.1, 1.5, 3.0, to 4.0 µM g-1 for SCM or with
increasing Kd from 25, 60, 90, to 120 L kg-1. Upland
groundwater contains dissolved Fe(II) of 5.6 mg L-1 and As(III)
of 15 µg L-1. A key feature of the simulation is that the recharge
rate of oxygenated water increases downgradient from 0.001
m y-1 upland, typical of the annual average recharge rate, to
0.05 m y-1 near shore to reflect increasing nearshore
circulation due to tides and waves (13, 14). Neither simulated
Fe oxide nor dissolved As was sensitive to an increase or
decrease of recharge rates by a factor of 4. The simulation
is run for ∼110 years to reach steady state for solute As or
Fe, but the transient features are also reported. Arsenic
adsorption along the flow path is governed only by spatially
assigned surface site densities or Kd values, not by reaction
with simulated Fe oxide. Detailed hydrologic and chemical
settings are in the Supporting Information.

Results and Discussion
Chemistry of Groundwater. The As-containing fresh ground-
water plume moves upward as the water flows toward the

TABLE 1. Characteristics of Sediment and Langmuir Sorption Isotherm

characteristics of sediment sorption properties of sediment

sample ID depth, m color

1.2 N HCl
leach

Fe(III)/Fe

1.2 N HCl
leach

Fe(III), mg/kg

1.2 N HCl
leach As,

µg/kg
1 M P-ext
As, µg/kg

1 M P-ext
As(V)
µg/kg KLa, L/µg

Kd at 10
µg/L As,

L/kg

As sorption
capacity,

µg/kg R 2

PZ7 1.3 dark gray 0.74 123 140 54 0.038 30 1515 0.94
PZ6 0.6 brown 0.25 562 387 197 197 0.067 42 1754 0.95
PZ3 1.1 orange 0.12 700 340 426 0.029 83 4762 1.00
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bay to discharge, with the center of the plume rising from
∼3 m depth at PZ10 to ∼2 m depth at PZ6 over a distance
of 6 m (Figure 1A). No pore water sample was taken from
<0.9 m depth at PZ3, but the more reduced sediment Fe(II)/
Fe ratios between 0.1 to 0.3 m depth at PZ3 (Figure 1B) suggest
that the plume may have risen to ∼0.2 m at the shore. The
peak concentration of dissolved As decreases from 14.3 µg
L-1 at PZ10 to 2.4 µg L-1 at PZ6. The large concentration
gradient corresponds to a shift of As speciation from As(III)
to As(V) as the proportion of dissolved As(III) decreases from
∼85% at PZ 10 to <10% at PZ 6. Like As, the depth of the peak
dissolved Fe concentration in the reducing plume of fresh
groundwater also becomes shallower toward the bay, de-
creasing from 2.0 mg L-1 at PZ10 to 1.4 mg L-1 at PZ6 (Figure
1A). Unlike As, dissolved Fe(II) is >90% of total Fe at both
PZ10 and PZ6 within the plume. The horizontal redox gradient
indicated by Fe and Eh (Table S1, Supporting Information)
along the discharging flow path is subtle between PZ10 and
PZ6 and only evident in dissolved As speciation change.

The vertical redox zonation is well defined. The Eh and
Fe data indicate three vertical redox zones in fresh ground-
water (salinity < 1, Table S1, Supporting Information). The
proportion of dissolved Fe(II) decreases to <50% above or
below the reducing groundwater plume at all sites (Table S1,
Supporting Information). The pH values are higher (7.2-7.6)
within the reducing plume and lower (6.0 ( 0.4) above and
below the plume (Table S1, Supporting Information).

At PZ3 below the fresh, deeper redox interface between
1 and 3 m, a fresh and saline water mixing zone between 3
and 4 m where the salinity increases from 1.5 to 23
corresponds to a third redox interface. Here, Fe(II) is ∼50%
of total Fe of ∼0.03 mg L-1, and As(V) accounts for >80% of
total As of 1-2 µg L-1. The proportions of dissolved Fe(II)
and As(III) increase with depth from 4 to 8 m (Table S1,
Supporting Information). The saline and anoxic pore water

at depth >5 m displays high concentrations of Fe (>90% Fe(II)),
Mn, and As (∼100% As(III)), similar to those reported in Bone
et al. (16).

Chemistry of Aquifer Sediment. Sedimentary Fe(II)/Fe
ratios (Figure 1B) display consistent redox zones delineated
by the dissolved constituents with depth and along the flow
path to the bay. The sediment within the reducing ground-
water plume is characterized by high Fe(II)/Fe ratios, with
the maximum Fe(II)/Fe reaching 0.91 at 1.9 m at PZ7 and
0.94 at 1.8 m at PZ6. At PZ3, the sediment Fe(II)/Fe ratio is
∼0.3 between 0.1 and 0.3 m, and this may correspond to the
reducing groundwater plume. In the upper and lower redox
zones, sediment Fe(II)/Fe ratios are lower, with average values
of 0.30 ( 0.12 for the upper redox zones and 0.21 ( 0.12 for
the lower redox zone (Figure 1B). The lower redox zone was
not cored at PZ7, and the upper redox zone was not sampled
at PZ3. The HCl-leachable sedimentary Fe is <500 mg kg-1

within the reducing plume but up to ∼1000 mg kg-1 above
and below.

Sedimentary As determined by 1 M P extraction or 1.2 N
HCl leaching displays low contents of 50-100 µg kg-1 within
the reducing plume but is up to ∼500 µg kg-1 above or below.
At PZ6, sediment P-extractable As(III) is <11% of total As
within the reducing plume, consistent with dissolved As(III)
< 10% of total As found in pore water from the same depth
intervals (Tables S1 and S2, Supporting Information). In the
upper and lower redox zones, >95% of sediment P-extractable
As is As(V).

Sediment data support a third redox interface at PZ11
between 5 and 6 m (Figure 1B), corresponding to the mixing
zone between the deeper oxic fresh water and recirculating
reducing saline water (22). Concentrations of sedimentary
As, Fe, and Mn are elevated (Figure 1B, Table S2, Supporting
Information), with ∼450 µg kg-1 P-extractable As, ∼720 µg
kg-1 HCl-leachable As, and >1000 mg kg-1 HCl-leachable Fe.
This saline water redox interface is also elevated with

FIGURE 1. Field data from Waquoit Bay. (A) Pore water profiles of salinity, dissolved Fe(II) and Fe, and dissolved As(III) and As. (B)
Sediment profiles of HCl-leachable Fe and Fe(II)/Fe and P-extractable As(III) and As.
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reductively leachable Mn ranging from 30 to 140 mg kg-1,
higher than sedimentary Mn at the other redox interfaces in
the freshwater regime (15).

Oxidation and Sorption of As by Fe(III) Oxides at
Multiple Redox Interfaces. The iron curtain consisting of
hydrous iron oxides (HFO) of ferrihydrite, goethite, and
lepidocrocite at Waquoit Bay has been shown to sequester
many elements in subterranean estuaries, resulting in a
reduction of the chemical fluxes of these elements to the bay
as the groundwater discharges through this natural reactive
barrier (16, 23, 24). New insight from the pore water and
sediment chemistry depth profiles presented here is that
there are three distinct natural reactive barriers in the fresh
and saline water regimes. The shallow oxic-anoxic interface
between 0 and 1 m above the reducing groundwater plume
is well recognized at PZ7, PZ6, and PZ11, where HCl-leachable
Fe has a peak and the Fe(II)/Fe ratios are low (Figure 1B).
Gas exchange between the upwelling reducing groundwater
and the atmosphere and intrusion of seawater by nearshore
circulation due to tides and waves can both supply oxygen
(13). The deeper redox interface within the fresh groundwater
regime is less intuitive but a feature that reflects the chemistry
of the advecting anoxic groundwater plume and the oxic
groundwater at depth (22). This is recognized at PZ6 at >3
m, PZ11 at ∼ 2.5 m, and PZ3 between 0.3 and 2 m. Lastly,
a third and the deepest redox interface between 4 and 6 m
at PZ11 results from mixing between the recirculating anoxic
saline groundwater and the advecting oxic fresh groundwater
(25).

For sediment samples within the two redox interfaces in
the freshwater regime where the sediment Fe(II)/Fe ratios
are <0.3, concentrations of sediment P-extractable As are
>100 µg kg-1 for all sites. The sedimentary P-extractable As
reflects As adsorbed on the mineral surfaces (26). In
comparison, in the reducing zones where the sedimentary
Fe(II)/Fe ratios are >0.7, the sediment P-extractable As
concentrations are only ∼50 µg kg-1, comparable to reduc-
tively extracted sedimentary As of ∼75 µg kg-1 from reducing
aquifer sediment in the Cape Cod aquifer (27).

That adsorption to amorphous Fe(III) oxyhydroxide is
responsible for immobilization of As is further evidenced by
an excellent correlation between P-extractable As and the
HCl-leachable sediment Fe(III) concentrations in all sediment
samples (n ) 26; R2 ) 0.81, Figure S2A, Supporting Informa-
tion). Although the HCl-leachable As concentration increases
with the HCl-leachable sediment Fe(III) concentration (Figure
S2B, Supporting Information), the correlation is not as good
(R2 ) 0.59) and the data form two clusters. This suggests that
adsorption rather than coprecipitation is a dominant process
for As immobilization. Because As(V) accounted for the
majority of sedimentary P-extractable As whereas the reduc-
ing groundwater plume contained primarily As(III) (Figure
1 and Table S1, Supporting Information), oxidation of As(III)
also occurred during or after adsorption.

Langmuir Sorption Isotherms and Kd. The equilibrium
concentrations of As in the supernatant and sorbed on the
sediment during batch sorption experiment fitted well to
Langmuir sorption isotherms (Figure 2) for the three sediment
samples with distinct colors of dark gray (PZ7), brown (PZ6),
and orange (PZ3). The As sorption capacity (Smax) was
estimated to be 1520, 1750, and 4760 µg kg-1 for the dark
gray-, brown-, and orange-colored sediments from PZ7, PZ6,
and PZ3, respectively (Table 1). Although As(III) was added
and care was taken to conduct the experiment under
anaerobic conditions, arsenic remaining in supernatant after
equilibration of 2 weeks was 92-100% As(V) (Table S3,
Supporting Information). The concentrations of As sorbed
on sediment were estimated first by mass balance from the
supernatant concentration changes. The concentrations of
As sorbed on sediment were also determined by extracting

the equilibrated sediment sequentially with 1 M phosphate
under anaerobic condition and with 1.2 N HCl. The phosphate
and HCl extract together recovered all As when compared
to those estimated by mass balance (Table S3, Supporting
Information). P extraction liberated 64( 12%, 70( 10%, and
89 ( 10% of sorbed As from PZ7, PZ6, and PZ3, respectively,
with >90% as As(V).

Because the groundwater As concentration at the site is
∼10 µg L-1 or less and the sediment As concentration is far
less than the sorption capacity (Table 1), a calculation of Kd

for sediment at equilibrium with a dissolved As of 10 µg L-1

is made so that one empirical but intuitive parameter instead
of two parameters (e.g., KLa and Smax) can be used to compare
sediment samples with distinct color and Fe(II)/Fe. The
distribution coefficients (Kd) at equilibrium with 10 µg L-1

dissolved As for sediments from PZ7, PZ6, and PZ3 are 30,
42, and 83 L kg-1, respectively (Table 1). This increase of Kd

corresponds to a change of sediment color from dark gray,
to brown, and then to orange and a decrease of the sediment
Fe(II)/Fe ratio (Table 1). Nevertheless, this Kd value should
not be interpreted to imply infinite sorption sites or linear
sorption isotherm.

Semimechanistic Surface Complexation Modeling of
Sorption Experiment. A semimechanistic SCM provided a
reasonable fit to the sorption experimental data (Figure 2).
Surface complexation reactions, i.e., the equilibrium con-
stants considered, are the same as those used in the
ferrihydrite model system (Table S4, Supporting Information)
by Dzombak and Morel (19). The ratio of As(III) and As(V)
in each sorption experimental system was adjusted until the
fit to the experimental data was achieved. In this scenario,
approximately 0%, 30%, and 40% of added As(III) is oxidized
to As(V) during adsorption equilibrium with PZ7, PZ6, and
PZ3 sediments, respectively. Whereas we do not believe the
proportion of oxidation occurred during sorption is entirely
quantitative, the increasing proportion of As(V) is consistent
with the decreasing sediment Fe(II)/Fe ratio (Table 1). The
SCM fit closely tracks the experimental data and the Langmuir
isotherms when dissolved [As] are <20 µg L-1 (Figure 2) but
diverges significantly when the dissolved [As] are >40 µg L-1.
Because the concentration of As in the Cape Cod aquifer is
usually <20 µg L-1 (27, 28), this experimentally derived
semimechanistic SCM is therefore a reasonable representa-
tion of water-sediment sorption equilibrium for the Cape
Cod aquifer.

The semimechanistic SCM of the sorption experiment
used surface site density values of 0.44, 2.0, and 4.9 µM g-1

for the dark gray (PZ7), brown (PZ6), and orange (PZ3) colored
sediment samples (Figure 2). That the surface site density
increases as sediment becomes more oxidized is consistent
with the increases of As sorption capacity from 1520, 1750,
to 4760 µg kg-1 (Table 1). The surface site density is estimated
from the sediment Fe(III) concentrations. The dark gray-,

FIGURE 2. Batch As(III) sorption experiment results for dark
gray (PZ7, circle), brown (PZ6, square), and orange (PZ3,
triangle) sediment from Waquoit Bay. Solid lines are Langmuir
isotherms. Dashed lines are surface complexation models.
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brown-, and orange-colored sediments are characterized by
1.2 N HCl-leachable Fe(III) of 123, 562, and 700 mg kg-1

(Table 1). Because the 1.2 N hot HCl extraction tends to leach
amorphous and relatively labile crystalline Fe oxyhydroxides,
the surface site density is calculated assuming all Fe(III) is
in the form of ferrihydrite with 0.2 mol of surface site per
mole of Fe (19). The results are 0.44, 2.0, and 2.5 µM g-1 for
dark gray, brown, and orange sediment, respectively. Because
of the higher proportion of crystalline iron oxides in the
orange sediment (24), the HCl-leachable Fe(III) concentration
did not leach other iron minerals that also contribute to
sorption. Selective leaching aimed for both amorphous and
crystalline Fe oxides for sediment collected from the same
depth at PZ3 found an Fe concentration of ∼2500 mg kg-1

(24), with approximately one-half as amorphous Fe oxides
and one-half as crystalline Fe oxides. Assuming that the
amorphous Fe oxide is ferrihydrite like with 0.2 mol of surface
site per 1 mol of Fe and that the crystalline Fe oxides is goethite
like with 0.02 mol of surface site per 1 mol of Fe (19, 29), a
weighted revised surface site density of 4.9 µM g-1 is the best
estimate for the orange sediment.

That the HCl-leachable Fe concentration under-repre-
sented secondary Fe minerals in the orange sediment is also
consistent with the observation that the P-extractable As
concentration of 426 µg kg-1 is greater than the HCl-leachable
As concentration of 340 µg kg-1 (Table 1). The likely reason
for this is that 1.2 N HCl leaching was not effective in attacking
the crystalline Fe oxides that only part of adsorbed As was
leached out from the amorphous Fe oxides, while phosphate
extraction was effective in displacing As from sorption sites
of both crystalline and amorphous Fe oxides. A previous study
has indeed identified a variety of Fe mineral such as
ferrihydrite, goethite, and lepidocrosite by XAS (23).

Reactive Transport Modeling of As. Both the Kd- and the
SCM-based reactive transport simulations show that dis-
solved As concentrations reach or are very close to steady
state in ∼80 years (Figure 3). The Kd-based steady-state As
concentrations at the center of the plume are 15, 12, and 6
µg L-1 at 12 (PZ10), 6 (PZ6), and 0 m (PZ3) from the shore,
respectively, which are considerably higher than the observed
groundwater concentrations. In contrast, the SCM-based As
concentrations at the center of plume are 15, 5.5, and <0.3
µg L-1 at 12 (PZ10), 6 (PZ6), and 0 m (PZ3) from the shore
and compare favorably with field results (Figure 3). The reason
why the SCM performed significantly better than the
parametric Kd-based model is that SCM can account for the
effects of spatiotemporal chemical variation on the As
adsorption and desorption reactions. The model also suc-

ceeded in generating the upper and lower iron oxides layers
with 0.5-1 m thickness along the plume.

History of Natural Reactive Barrier at Waquoit Bay. The
time to accumulate 400 µg kg-1 As by a natural reactive barrier
at PZ3 is estimated to be ∼2300 years assuming that the
reactive barrier is 1 m thick and 1.5 m long and that
groundwater containing 5 µg L-1 of As is transported at 0.26 m
y-1, a slower rate due to retardation corresponding to the
average Kd value of 60 L kg-1. This suggests that the natural
reactive barrier at Waquoit Bay has operated for thousands
of years. This is not entirely surprising given the geologic
history of the area, namely, that the hydrologic conditions
have been fairly close to present day conditions in the last
few thousand years after the sea level had stabilized (30).
What is surprising is how quickly the system has reached
steady state. Even with a high retardation factor, groundwater
As reaches steady state in ∼100 years over a distance of 12 m
(Figure 3).

Implications for Arsenic Contaminated Aquifer. A critical
issue in reactive transport of groundwater As is to determine
whether Kd-based models can be used to study processes
without invoking SCM. In the case of Cape Cod coastal
aquifer, this is a difficult proposition because the Langmuir
isotherms are characterized by low sorption capacity and
high KLa (Table 1). This leads to a strong degree of dependence
of Kd values on the equilibrated As concentrations (Figure
S4, Supporting Information). However, even in this case, if
the geochemical conditions along the flow path of contami-
nant are similar, the Kd-based approach can still be useful.
An example is shown by a simulation of an As(V) injection
experiment into an anoxic zone of a sandy aquifer at the
USGS research site on Cape Cod (28). We found that a Kd of
4 L kg-1 for an equilibrium As concentration of 75 µg L-1

(equivalent to a Kd of 30 L kg-1 if the equilibrium As
concentration is 10 µg L-1) in PHT3D simulated the migration
of As plume to a distance of 4.5 m downgradient over ∼100
days (Figure S3, Supporting Information). Furthermore, the
simulated maximum total As concentration in the center of
the plume was 190 µg L-1, while the observed maximum
total As value was ∼150 µg L-1 in ∼100 days. This implies
that As sorption isotherms of the reducing aquifer sediment
are similar at Waquoit Bay and at the USGS research site on
Cape Cod.

If the site-specific Langmuir sorption isotherms are
characterized by high sorption capacity and low KLa values,
then the nonlinearity in the sorption is minimum, translating
to a low degree of dependence of Kd on the equilibrium solute
As concentration (Figure S4, Supporting Information). This

FIGURE 3. Composition of groundwater with three distinct vertical redox zonations flowing into the model at the upland boundary
(left), simulation result of As plume migration and Fe oxide precipitation using SCM-based PHT3D after 80 years of model run
(middle), and comparison of simulated groundwater As over 80 years between a parametric Kd-based model (dashed lines) and a
SCM-based model (solid lines) (right). Arrows indicate variable recharge rates parametrized to simulate nearshore circulation due to
tides and waves, and the white box (right corner, middle panel) on the bay side indicates a 2 m river boundary. In the middle
reducing layer (2-4 m), the model has four zones to capture the geochemical gradient with increasing surface site density and Kd
values toward the bay. Contour interval for As is 3 µg/L. Observed total dissolved As at PZ10 (circle), PZ6 (square), and PZ3 (triangle)
compares well with a SCM-based model. Simulated Fe oxide ranging from 3 to 15 mg/kg has the contour interval of 3 mg/kg.
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may have been the case for the Bangladesh aquifer where a
fairly consistent Kd value of 4 L kg-1 has been inferred by
regional scale studies (31). Because of the wide range of Kd

values observed for a variety of soils and sediment (Table S5,
Supporting Information), we recommend that investigators
conduct site-specific isotherm studies to determine whether
a Kd-based approach is justified.
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